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ABSTRACT
This study aimed to examine the consequent release of the metals Fe, Zn, Cu and Cd from the sediments under 
simulated redox changes. Two contaminated sediments, ‘A’ representing the top layer and ‘B’ representing 
the deeper layers taken from Lake Håcklasjön downstream of a hydropower plant in southern Sweden, were 
incubated in the lake water in fl ow-cells under both anoxic and aerated conditions. Under anoxic conditions, 
Fe was rapidly released from both sediments (A and B) into the solution, which was likely a result of diffusion 
from porewater along with the reductive dissolution of hydroxides, whereas the concentrations of dissolved Zn, 
Cu and Cd remained low. The opposite results occurred for all the studied metals during aeration: i.e. precipitation 
of Fe and a progressive release of Zn, Cu and Cd. The oxidation of ferrous to ferric Fe was the most likely 
process responsible for the removal of Fe from the water column from both sediments. Meanwhile the release 
of the trace metals was probably a result of the oxidation of sulphides, degradation of particulate organic 
matter or diffusion/advection. The water fl ow applied during the aeration period likely induced resuspension, 
which would be a contributing factor to the metal release by enhancing both porewater diffusion/advection and 
interactions between the resuspended sediments and the overlying water. The decrease in pH in overlying 
water of sediment A could be the reason for the faster increase in trace metal concentrations compared to that of 
sediment B. Copper was probably not affected by pH change, as Cu was complexed with dissolved organic 
carbon and carbonates using the Visual MINTEQ model. The results from the experiment show that aeration 
of the sediment samples is an important factor for the release of Zn, Cu and Cd into the water column. The low 
fl ow of water applied in the experiment compared to that generated by operation periods of the hydropower 
plant suggests that probably more metals will be released under fi eld conditions.
Keywords: anoxic, aeration, chemical modelling, diffusion, fl ow-cell, hydropower plant, redox potential, 
resuspension, sediment, water fl ow.

INTRODUCTION1 
Many hydrodynamic processes resulting from e.g. storms, hydropower generation, strong bottom currents 
and waves may affect the redox conditions of aquatic sediments in lakes and water reservoirs [1, 2].The 
change in redox conditions in turn can strongly infl uence the mobilization of heavy metals from 
sediments [3–5]. Under anoxic, i.e. low redox conditions, concentrations of heavy metals in solution are 
generally low [6–9], because they are usually stable, particularly in sulphidic forms in the sediments 
[10–12]. Resuspension/mixing processes induced by high-energy processes such as hydropower 
generation, strong bottom currents, wind or waves in shallow lakes may cause increases in concentrations 
of O2 in overlying water [13, 14]. Diffusion of O2 from the overlying water into bottom sediments 
creates an oxidized microzone, which may vary in depth, depending inter alia on biological activities, 
O2-demand [10, 15] and strength of resuspension processes [16]. In such oxic environments, the 
metals that are bound as sulphides under anoxic conditions, can be dissolved within a short time as 
free ions or be complexed by dissolved organic matter. This may be followed by transport or re-adsorption 
of the metal ions onto reactive solid surface sites such as freshly precipitated iron/manganese oxides/
hydroxides or biotic materials [4, 17, 18].

Chemical processes control the release of metal contaminants from sediment into the porewater, 
while diffusion, advection and mixing of sediments and water at the interface due to bioturbation or 



2 L.T. Nguyen et al., Int. J. Sus. Dev. Plann. Vol. 4, No. 1 (2009)

hydrodynamic forces are reported as the most important transport processes of dissolved substances 
between sediments and the water column [15, 19, 20]. Under weak hydrodynamical forces near the 
sediment–water interface, diffusion is the most important mechanism for transport of dissolved substances 
across the sediment–water interface [21, 22]. Under increasing intensity of the disturbance such as 
resuspension of surface sediments into bottom water, the rate of O2 penetration into the sediments 
may increase. Together with enhanced diffusion process as a result of increased water–sediment 
contact a new equilibrium will develop [16, 23]. Many studies on oxidation/resuspension of sediments 
have shown a consequent release of the metals [4, 18, 24–26].

The small town of Åtvidaberg (250 km SE of Stockholm, Sweden) was the centre of a 
mining district that operated on sulphidic copper ores that dates back to the medieval era, but 
ended in the beginning of the 20th century. From 1765 to 1903 the town hosted a copper smelter 
that produced some 900 000 tonnes of slag and leaching residues most of which were 
deposited around the Tail Canal from the smelter. During the last two centuries hundreds of tonnes 
of zinc, copper and cadmium have been trapped in the sediments of the downstream recipients. Of 
these Lake Håcklasjön has become an important secondary metal source [27]. Lake Håcklasjön is 
shallow (ca. 2–2.5 m deep) and eutrophic with elevated concentrations of Zn, Cu, Cd and Fe in 
its sediment profi le [28]. The lake is directly fed by water from the surrounding cultivated and 
forested land areas and also from a municipal wastewater treatment plant. However, the main 
discharge comes from the Tail Canal and via a hydropower plant. During operation periods, 
the power plant discharges ca. 3.6 m3/s (80% opening aperture) of water into the lake. This 
corresponds to an average water velocity of about 1 cm/s over the lake. This fl ow rate is supposed 
to cause resuspension and oxidation of top layers of the lake sediments and therefore, a potential 
mobilization of the constituents from the sediments. During dry periods (mostly during summers), 
the hydropower plant operation is closed, which renders the eutrophic lake to become stagnant. This 
in turn promotes anoxic conditions at the near water–sediment interface.

It could be argued that the increased contact between water and sediments resulting 
from resuspension or similar hydrodynamic processes will lead to higher adsorption of metals to 
the suspended matter. However, it could also be argued that resuspension of sediments most 
probably increases the metal transported in the dissolved phase. In view of this, our working 
hypothesis is that direct mobilization of elements to the dissolved phase takes place during 
such physical disturbances of the sediments. In order to differentiate between the two main 
features of metal transport including the changes in compositions of dissolved constituents and 
suspended particulate, two set-ups were used. In this study changes in the dissolved phase were 
examined. In another study with similar objectives [29], batch experiments were carried out to 
estimate/quantify the metal concentrations in the suspended particulate and the distribution 
between suspended particulate and dissolved phases, when the lake sediments were resuspended 
in oxic water.

The main objective of this study was to examine the release of metals during simulation of 
changes in redox conditions on the water/sediments systems. The release of the redox-sensitive 
element Fe and three other metals – Zn, Cu and Cd – from the contaminated lake sediments 
were studied for: (i) the top 6 cm (sediment A), and (ii) the deeper 8–12 cm (sediment B). The 
two sediment layers were separately incubated in fl ow-cells, where anoxic-static and aerated 
conditions with a water fl ow were run in sequence. Physicochemical variables such as 
pH and dissolved (<0.4 µm) organic carbon (DOC) were also monitored to assess their concomitant 
changes and their possible infl uences on the mobilization of the target metals. Redox (Eh) 
levels were measured during the aeration period to estimate the infl uence of diffused O2 at different 
depths over time.



 L.T. Nguyen et al., Int. J. Sus. Dev. Plann. Vol. 4, No. 1 (2009) 3

MATERIALS AND METHODS2 

Field sampling2.1 

Twelve sediment cores were collected from Lake Håcklasjön (Fig. 1) using a Kajak corer and 
placed in acrylic cylinders (8 cm in diameter) in July 2005. The collected cores were overlain 
with 20 cm of bottom lake water and the cylinders were sealed with rubber stoppers to 
avoid intrusion of air. Lake water samples were taken at depths of ca. 1 m by a water sampler 
and were stored in a 15-l plastic carboy. The sediment cores were kept upright and both 
water and sediment samples were kept cool and airtight during transport to the laboratory. 
Upon arrival, the lake water and sediment samples were stored in the dark at 4°C until processing 
the next day. The lake water samples were sparged overnight with N2 gas to fl ush out any 
residual oxygen.

Experimental set-up2.2 

Flow-cell design2.2.1 
Flow-cells (l × w × h=36 × 11 × 11 cm) with three compartments made of unstained polypropylene 
were used to incubate the sediments, which were placed in the middle compartment (22 × 11 × 6 cm; 
Fig. 2). Each fl ow-cell was connected to a peristaltic pump (Alitea AB, Sweden) via PVC 
tubing (1 cm in diameter). A 60-ml syringe via a Luer lock to collect overlying water was connected 
to the tubing. Each fl ow-cell was sealed with an airtight lid and silicone glue was used to secure 
that no leaking occurred. The lid of each fl ow-cell had fi ve holes through which redox electrodes 
were installed.

Figure 1: Study area and the sampling site in Lake Håcklasjön (Åtvidaberg).
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Experimental procedure2.2.2 
The water columns overlying the 12 sediment cores were siphoned off, and the cores were sectioned 
into six slices: 0–0.5, 0.5–1.5, 1.5–2.5, 2.5–4, 4–6 and 8–12 cm below the sediment surface. 
The corresponding slices from each of the cores were lumped in airtight N2 pre-fi lled plastic 
containers and homogenized. Thus, all 12 slices from the layer 0–0.5 cm were lumped together 
and the same procedure was applied for the consecutive layers. A volume of ca. 300 ml of each 
of the pooled, homogenized slices of the top sediment layer (0–6 cm; sediment A) was then 
deposited in the middle compartment of a fl ow-cell, in reverse depth order (i.e. the deepest 
slice at the bottom and the successive slice levels towards the top). Approximately 1.5 l of 
the pooled and homogenized deeper layer (8–12 cm; sediment B) was thoroughly mixed and 
then placed in the middle compartment of a second fl ow-cell. The deoxygenated lake water (3.5 l) 
was then gently poured into each fl ow-cell to give a water layer of ca. 3 cm above the sediments. 
All handling procedures and treatments of the samples samplings were carried out within a 
glove box, which was continuously fl ushed with N2 gas, maintaining O2 levels <0.4% throughout 
the procedures.

The fl ow-cells with sediments A and B were kept anoxic for 21 days by passing a continuous 
stream (20 ml/min) of N2 gas through them (Fig. 2). The O2 levels were <0.1% in the gaseous 
phase as read by a portable oxygen analyser (Servomex 570 A). The experiment was run in a 
climate-controlled chamber at the in situ temperature of 15°C in darkness. After 21 days, the 
conditions were switched to oxic by exchanging the gas phase (N2) of the two fl ow-cells for 
technical air (20 ml/min; Air Liquide, Sweden). Furthermore, the overlying water in the two 
cells was circulated by pumping at an average water velocity of ca. 0.1 cm/s.

Samples (60 ml) of the overlying water were taken from each cell at six occasions during 
the anoxic-static period (after 3 h, 1, 3, 4, 11 and 21 days) and at six sampling occasions (after 1, 2, 
4, 6, 8 and 11 days) during aeration. At each sampling occasion during the aeration period the 
pumps were stopped for a while to enable redox readings to be taken. The redox values (Eh in mV) 
were corrected for temperature and pH following Svensson and Rosswall [30]. Before each 
sampling occasion during the anoxic phase, the pumps were run at very slow speed (0.001 cm/s) for 
about 10 min to mix the overlaying water before sampling. After withdrawing overlying water, an 

Figure 2: Schematic diagram of the fl ow-cell. Thin (2 mm dia.) platinum wires (1–4) and calomel 
reference electrode (5), connected to a standard Eh-meter (PHM 83; Radiometer), were 
inserted in the top layer cell to measure the redox potentials of the overlying water and the 
sediment at three depths (0.5–1, 1.5–2 and 3–3.5 cm).
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equivalent volume of fi ltered lake water (deoxygenated and oxygenated following anoxic and aeration 
samplings respectively) was returned to the fl ow-cells to maintain the initial solid/liquid ratio. The 
dilution effect was negligible and, thus, not accounted for in the reported concentration values.

Sample analyses2.3 

All containers and equipment in contact with samples were washed with Milli-Q water, while those 
for metal analyses were acid-washed before thoroughly rinsed with Milli-Q water.

Sediments2.3.1 
Total contents of Fe, Zn, Cu and Cd of the residual pooled homogenized sediment slices used in the 
experiments (after pore-water extraction) were determined using ICP-OES at Al-Control Laboratories 
(Linköping, Sweden) after aqua regia digestion according to ISO method 15587-1 [31]. Blanks 
(using Milli-Q water) and certifi ed reference samples (using PACS-2 purchased from the Canadian 
National Research Council) were prepared in the same way as our sediment samples to evaluate the 
analytical procedures and the quality of the obtained results. The reproducibility was within 15% of 
the certifi ed concentrations for all elements of interest. The concentrations of target elements in the 
blanks were below the detection limits of the analytical technique used. Water contents of the residual 
pooled homogenized sediments were determined by drying of sediment samples in an oven at 105°C 
for 24 h, following method SS-EN 12880 [32]. Organic matter contents of the sediments (or, LOI) 
were determined as loss on ignition (LOI) by incubating the dried sediments in a furnace at 550°C 
for 2 h according to the method SS 028112 [33].

Overlying water2.3.2 
The term ‘dissolved’ phase in the present study refers to the liquid that passes through a 0.4 µm fi lter, 
including truly dissolved species and colloids. This means that the ‘dissolved’ phase is most likely 
overestimated. However, this cut-off was chosen as it is partly a common practice and enables us to 
compare our results with those of other studies [3, 19, 34]. The choice of mesh size decreases the risk 
of clogging above the fi lter surface, which may cause sorption of dissolved material as compared 
with fi ner fi lter sizes. The samples of overlying water withdrawn from the fl ow-cells were fi ltrated 
through 0.4 µm polycarbonate fi lters (Isopore™; Millipore) while fl ushing with N2 to avoid air 
contamination. Concentrations of dissolved Fe, Zn, Cu and Cd, DOC and dissolved inorganic carbon 
(IC) were determined. All samples for metal determinations were preserved by adding concentrated 
HNO3 to pH < 2 before analysis. The pH and electrical conductivity of water samples were determined 
using a PHM 93 pH-meter and a CDM 83 Conductivity-meter (Radiometer, Copenhagen, Denmark) 
respectively. The water samples for determination of DOC and IC concentrations were stored frozen 
and then analysed using a Shimazu TOC-5000 analyser. A Perkin-Elmer 1100 Atomic Absorption 
Spectrometer was used for all metal analyses, in fl ame mode for Fe and Zn and in graphite-furnace 
mode for Cu and Cd. Blanks were prepared and analysed in the same way as the samples for assessing 
the validity of the values obtained.

Pore-water2.3.3 
Pore-water was extracted from the residual samples of the pooled homogenized sediment slices by 
centrifuging them in airtight, N2-fi lled centrifuge tubes at 17700 × g for 10 min. The supernatants 
were fi ltered and preserved as above. Portions for metals analysis were prepared and the remainder 
was stored frozen for later determination of DOC and IC.
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Chemical modelling2.4 

Data from the different sampling occasions were analysed with the chemical speciation program 
Visual MINTEQ version 2.30 [35]. Aqueous speciation was calculated for measured pH levels. 
Redox conditions were not used as a parameter in the modelling due to lack of data. Instead concentrations 
of iron were set as Fe(II) during anoxia and as Fe(III) during aeration. A comparison of the 
lake water concentrations and pore-water concentrations of Fe shows that the pore-water 
concentrations were about 1 order of magnitude higher in the pore-water. In the lake water it is 
possible that Fe predominantly exist as Fe(III) bound to organic material. In the sediments, 
however, such high concentrations of Fe(III) are not possible at the prevailing pH levels. Thus, 
we used Fe as Fe(II) in the thermodynamic calculations for the anoxic experiment. Oversaturated 
solids were allowed to precipitate when the fi nal solution was achieved. As detailed data on 
the nature of the organic carbon were not available, the simple organic sub-model according 
to Grimm et al. [36] was chosen. The major constituents (Ca, Mg, Na and K), which considerably 
affect the ion balance, were not analysed in the current experiment. Therefore, they were 
instead taken from the data of a 5-year surface water-monitoring programme in Lake Håcklasjön 
during the corresponding period (in July 2005). The values of the main constituents used in 
the model were 21 (Ca), 2.4 (Mg), 6.8 (Na) and 2 (K) mg/l [27]. The lack of data on sulphur 
prevented the estimation of any sulphide control of the water chemistry. However, the high 
concentrations of Zn and Cu in the pore-water (Table 1) indicate that sulphide was not controlling 
the concentrations of trace elements neither in sediment A nor in sediment B. This is reasonable, 
since the concentrations of e.g. Zn were higher in the presumably more reduced sediment B than 
in sediment A. High concentrations of Fe in the pore-water indicate that Fe at the start of the 
experiments will be found as Fe(II).

RESULTS3 

Physicochemical compositions of original samples used in the experiment3.1 

The eutrophic lake water had a high pH value, 8.9 (Table 1), probably as a result of high levels of 
photosynthesis during the sampling period in July. The dissolved concentrations of Zn, Cu and Cd in the 
lake water were moderately high according to the classifi cation published by the Swedish Environmental 
Protection Agency, SEPA [37]. Both studied sediments A and B had pH values between 6.8 and 7.1 
and organic matter contents (LOI) of 30–33%. The contents of Fe, Zn, Cu and Cd in sediments A and 
B were also high according to SEPA [37] confi rming that the lake sediments are heavily polluted.

Time courses of changes in physicochemical parameters3.2 

After 3-h exposure of the lake water to the sediments, the pH of the original lake water decreased 
from 8.9 above both sediments A and B to 7.7 and 8.3 respectively (cf. Table 1 and Fig. 3). 
During the 21 days of anoxic incubation, the changes in pH were similar for both sediments, i.e. a 
gradual decrease to pH 7.2 until day 4, followed by an increase again to between 7.4 and 7.6 
during the rest of the anoxia (Fig. 3). However, following the shift to aerated conditions, pH 
in sediment A decreased from 7.6 to 6.9, whereas pH in sediment B rose from 7.5 to 8 and 
then decreased to 7.6.

The concentration of dissolved IC gradually more than doubled above both sediments A and B 
during anoxia (Fig. 3). In contrast, during the fi rst 2 days of aeration the IC concentrations rapidly 
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dropped for both sediments and subsequently remained stable during the remainder of the 
experiment. Similarly, the concentrations of DOC above both sediments increased over 21 days of 
anoxia. However, it rapidly decreased during the fi rst 2 days of aeration, from about 23 to 16 mg/l 
and remained relatively constant at this level within the rest of the aeration episode.

It was not possible to record the Eh values during the anoxic-static period and the fi rst sampling 
occasion of the aeration phase. However, after 1 day of aeration (i.e. day 23 of the 32-day experiment), 
the Eh of the overlying water was recorded at +420 mV and it subsequently remained relatively stable, 
ranging between +480 and +410 mV, during the rest of the aeration phase (Table 2). The Eh values 
of sediment A at three depths (0.5–1, 1.5–2 and 3–3.5 cm) gradually increased from day 23 to day 
29 and remained stable till the end of aeration (day 32). The redox potentials in sediment A appeared 
to be stabilized after 8 days of oxygenation.

Time courses of changes in the concentrations of Fe, Zn, Cu and Cd3.3 

After 3-h exposure of sediments A and B to the deoxygenated lake water, an increase in dissolved 
Fe concentrations in the overlying water was observed for sediment A, while dissolved Fe amounts 
remained constant for sediment B (Table 1 and Fig. 4). Overall, similar patterns of increases in 
the concentration of dissolved Fe were observed in both sediments A and B throughout the 
21-day anoxia. The dissolved Fe concentrations increased 7-fold for sediment A and 3-fold 

Table 2: Redox changes (mV) in overlying water and at three depths of sediment A during aeration.

Depth (cm) Day 22 Day 23 Day 25 Day 27 Day 29 Day 32

Overlying water 1 – 420 480 460 440 410
Sediment A profi le 0.5–1 – 150 190 170 250 250

1.5–2 – –150 120 160 340 340
3–3.5 – –350 –280 –270 –60 –80

– = not determined; no redox measurement was unfortunately performed on sediment B. The 
aeration period started from day 22 to day 32 of the experiment. The redox values were corrected 
for temperature and pH according to Svensson and Rosswall. [30].

Figure 3: Time courses of changes in pH, dissolved organic carbon (DOC) and inorganic carbon (IC) 
for sediment A (•) and sediment B (•) during the 32-day experiment. Vertical dashed lines 
indicate the end of the anoxic-calm period and beginning of the aeration phase.
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for sediment B during the anoxic period. However, 1 day after shifting to aerated conditions, a 
rapid decrease in dissolved Fe concentrations was recorded in the overlaying water of both sediments. 
After 1 day of aeration, the dissolved concentrations of Fe in the water from sediment B were used 
up and levelled off during the rest of the aeration, whereas that for sediment A levelled off after 8 days 
of oxygenation. However, the dissolved Fe concentrations decreased 16-fold in both sediment 
experiments A and B.

After 3-h exposure of deoxygenated lake water to the sediments, the concentrations of dissolved 
Zn in the overlying water had decreased for both sediment A and B (Table 1 and Fig. 4). Meanwhile, 
the concentrations of dissolved Cu in the overlying water increased for sediment A, but remained 
constant for sediment B. For Cd, the dissolved fractions in the water column stayed constant after 
3-h exposure. Within the 21-day anoxic-calm conditions, the dissolved concentrations of Zn, Cu and 
Cd became lower than the initial levels of the lake water with sediment A. However, with sediment B 
the concentrations of dissolved Zn, Cu and Cd fl uctuated between 15–70, 5–15 and ca. 0.1–0.2 µg/l 
respectively. During the onset of the aeration period, the concentrations of Zn, Cu and Cd of both 
sediments rapidly increased. The dissolved concentrations of Cu and Cd in the fl ow-cell with 
sediment A increased, 7- and 16-fold, respectively, and that of Zn increased up to 60-fold. The 
dissolved concentrations of Cu, Cd and Zn also increased in the fl ow-cell with sediment B, but to 
lower extents: 3-, 5- and 17-fold respectively.

Figure 4: Time courses of changes in dissolved Fe, Zn, Cu and Cd concentrations in sediments A (•) 
wand B (•) during the 32-day experiment. Vertical dashed lines indicate the end of the 
anoxic-calm period and beginning of the aeration phase.
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Speciation of the metals by Visual MINTEQ3.4 

The calculated results from the modelling (Table 3) show that the species that reached saturation at the 
last day of the anoxic-static phase (day 21) were siderite (FeCO3) for both sediments A and B. During 
the aeration phase, precipitation of Fe as haematite (Fe2O3) was predicted by the model. The precipitation 
of Fe may be overestimated, since no organic species were defi ned for Fe by the model. Only the 
dominating dissolved species for Zn, Cu and Cd during the 32-day experiment are presented in Table 3. 
The distribution of aqueous species for Cu was different from those for Zn and Cd in that the free metal 

Sampling day Anoxic Aeration

3 h 1 3 4 11 21 22 23 25 27 29 32

% of precipitated cations
Sediment A Siderite, 

FeCO3 (s)
33 75

Haematite, 
Fe2O3 (s)

100 100 100 100 100 100

Sediment B Siderite, 
FeCO3 (s)

8

Haematite, 
Fe2O3 (s)

100 100 100 100 100 100

% of dissolved species
Sediment A Zn+2 67 71 73 73 67 60 66 73 73 72 72 74

ZnDOM 23 19 22 23 24 30 29 27 26 27 27 26
ZnCO3(aq) 5 5 3 2 5 6 2 – – – – –
Cu+2 6 6 8 8 6 4 6 9 10 9 9 10
CuDOM 47 42 59 65 50 52 69 86 87 87 88 87
CuCO3(aq) 38 46 29 23 41 40 21 3 2 2 2 2
Cd+2 79 82 82 81 78 72 77 81 81 81 81 82
CdDOM 17 14 15 16 18 23 21 19 18 19 19 18
CdCO3(aq) 2 2 1 1 2 3 1 – – – – –

Sediment B Zn+2 49 72 71 71 70 62 64 64 61 66 70 68
ZnDOM 14 21 24 26 25 30 31 22 22 24 22 24
ZnCO3(aq) 12 3 3 2 3 5 3 6 7 5 4 4
Cu+2 3 7 7 8 7 5 5 5 4 5 6 6
CuDOM 18 55 61 71 60 55 66 41 37 47 52 55
CuCO3(aq) 67 32 28 19 30 38 26 47 51 41 36 34
Cd+2 77 82 80 80 79 73 75 79 77 78 81 79
CdDOM 13 15 17 18 18 22 23 17 18 18 16 18
CdCO3(aq) 8 1 1 1 1 2 1 3 4 2 2 2

Table 3: Calculation of percentage speciation of the precipitated and dissolved constituents during the 
21-day anoxic-static and the 11-day aeration for Fe, Zn, Cu and Cd by Visual MINTEQ model.

– =  0.5 %; DOM = dissolved organic matter.
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ions of Cu ( 10%) were much lower than those of Zn (49–74%) and Cd (72–82%). Further, organic species 
of Cu (Cu-DOM, 18–88%) were more abundant than that of Zn (Zn-DOM, 14–31%) and Cd (Cd-DOM, 
13–23%). Another difference was that aqueous carbonate species were more important for Cu (2–67%) 
than for Zn ( 0.5–12%) and Cd ( 0.5–8%).

DISCUSSION4 

Anoxic-static conditions4.1 

The increase in dissolved (<0.4 µm) concentrations of Fe in the overlaying water for both sediments A 
and B during anoxic-static conditions was likely caused by diffusion of dissolved Fe from the 
pore-water. The differences in the release of Fe between sediments A and B could be explained by the 
higher consolidation (age) of sediment B, but the difference in original porewater concentrations is a 
more likely explanation. The fl uxes of solutes from sediments into the overlying water could be 
predicted based mainly on concentration gradients between pore-water and overlying water [9, 19, 38]. 
The fl uxes of dissolved Fe were roughly estimated using Fick’s First Law according to Metzger et al. [39], 
Sunby et al. [15] and Li and Gregory [40]. The calculations predicted a fl ux of Fe from sediment A 
ranging 2.1–3.6 mg/m2/day and from sediment B of about 1–1.5 mg/m2/day into the water column 
during the anoxic-static conditions. The calculations were based upon the area of sediment (242 cm2) 
exposed to the overlying water in fl ow-cell, the period of anoxic phase (21 days) and volume of 
overlying water used in the fl ow-cell (3.5 l) and the assumption that the pore-water concentration of 
elements was constant throughout the anoxic period. It was also assumed that the diffusion could 
occur down to 2.5 cm sediment depth (cf. Table 2), thus, the mean pore-water concentration values 
of 0–2.5 cm sediment depths were used in the calculation. The fl ux calculations show that the amount of Fe 
released varied between 0.3 and 0.5 mg/l, corresponding to 13% as due to diffusion from sediment A 
and between 0.1 and 0.2 mg/l corresponding to 22% from diffusion in sediment B during the 
21 anoxic days. The choice of the depth gradient over which to apply the fl ux estimation using Fick’s 
First Law appears to be the largest error in these types of fl ux calculations [41] Thus, this would 
result in a possible underestimation of the Fe fl uxes into the overlying water in this study. However, 
the above calculated fl uxes suggest that diffusion from pore-water was a transport process contributing 
to the increased concentrations of Fe in the water column during the anoxic period for both sediments.

In general, reduced conditions favour the dissolution of Fe oxides/hydroxides through the microbial 
decomposition of organic compounds [5, 42–44]. The increase in the DOC concentrations recorded 
during the 21-day anoxia for both sediments may serve as an indication of such microbial activity. 
Thus, the occurrence of such dissolution reactions in the sediments likely resulted in a supply of dissolved 
Fe to the pore-water medium and subsequent upward diffusion of Fe into the overlaying water. The 
same reactions may also have occurred in the suspended particles in the water column. It is well 
documented that Fe in both ferrous and ferric forms can be complexed with dissolved organic matter, 
which would render Fe to stay longer in the solution [6, 45]. However, the calculated Pearson’s correlation 
did not reveal any signifi cant correlation between the increase in dissolved Fe and DOC concentrations 
for sediment A or sediment B. Moreover, the result from the modelling did not reveal any Fe complexation 
with organic solutes during the anoxic phase. Rather iron carbonate (FeCO3, siderite) occurred 
as a solubility-limiting solid phase for Fe at the end of the anoxic episode (Table 3). This indicates 
that DOC was most likely not a factor contributing to the increase in dissolved Fe in our experiments.

Generally it is expected that dissolved concentrations of Zn, Cu and Cd are much lower during 
anoxic conditions at neutral pH than during oxidized environments, which is due to the formation/
precipitation of metal sulphides [3, 7, 46, 47]. In our experiment, however, it is evident that the trace 
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metal concentrations in the pore-water of sediment A did not differ much from the corresponding 
concentrations in the original lake water (Table 1), while the porewater concentrations of the trace 
metals in sediment B were much higher than that in the lake water. If sulphides were controlling the 
metal concentrations in the sediments, one would expect lower concentrations than the levels that 
actually were measured in pore-water of the two sediments A and B. The ratio sulphur/metals shows 
the highest values in sediment B. Therefore, it is unlikely that sulphides in the pore-water phase had 
regulated the trace metal concentrations via metal sulphide formation/precipitation. This altogether 
indicates that sulphides may not have controlled the trace metal concentrations in the two sediments. 
Other studies have also shown that sulphides are not the only possible phase governing the trace 
metal concentrations. For examples, Naylor et al. [48], who studied the availability of metals in 
sulphidic sediments, concluded that Fe, Zn and Cu that prevailed in their studied sediments were 
oversaturated with respect to their sulphides. However, there was also an appreciable fraction of the 
trace metals associated with Fe/Mn oxides/hydroxides in their sediments. In another study of the 
relationship between sulphides and metals in sediments in an eutrophic estuary in south-east Brazil, 
Machado et al. [25] found a difference between river sediments and estuarine sediments in the regulation 
of trace metal concentrations.

Aeration conditions4.2 

The redox values measured after 2 days of aeration in both the overlying water and the uppermost 
0–0.5 cm of sediment A show that an almost immediate oxygenation had taken place. The change in 
redox values down to the 3–3.5 cm sediment layer after 11 days of aeration implies that oxidation 
and precipitation of Fe would occur down to this depth. The sharp decrease in dissolved Fe after 1 day 
of oxic conditions for both sediments A and B was most likely a result of a fast oxidation followed by 
subsequent precipitation of iron oxides/hydroxides. The fast abiotic and biotic oxidation of ferrous to 
ferric Fe in the presence of O2 is a well-known phenomenon as reported by Stumm and Lee [49], 
Stumm and Morgan [50], James and Ferris [51] and Jones-Lee and Lee [52]. Similar observations on 
the depletion of dissolved Fe in the water column were also reported by Sunby et al. [15], Laima et al. 
[14] and Miao et al. [8] as a result of switching the water/sediment systems from anoxic to oxic conditions.

The difference in response of dissolved Fe between sediment A and sediment B at the start of the 
oxic conditions is probably explained by the difference in pH. The 1 unit lower pH in overlying 
water of sediment A compared to that of sediment B would lead to a lower oxidation rate of Fe in 
sediment A [50]. This would explain the presence of higher Fe concentrations remaining in the overlying 
water of the B sediment during the whole 11-day aeration. The Visual MINTEQ model predicted 
haematite (Fe2O3) as the dominant precipitating phases for Fe in both sediments (Table 3); however, 
other hydrous ferric oxides could also have precipitated during this period.

In contrast to iron, a rapid release of zinc, copper and cadmium occurred in both sediments A and B, 
which is probably induced by different processes such as oxidation of metal sulphides [10, 12, 46], 
degradation of organic particulates [53], dissolution of Fe/Mn oxides/hydroxides and porewater diffusion/
advection [9, 23, 38]. The water fl ow applied during the aeration period could have induced some 
resuspension (not measured in this study), which would then be a contributing factor to the release 
of the metals by enhancing both porewater diffusion/advection and interactions between the resuspended 
sediments and the overlying water. The increase in dissolved Zn and Cd was more rapid for sediment 
A than for sediment B, while Cu was released in similar patterns from both sediments. As discussed 
above (cf. Section 4.1), the ratio sulphur/metals shows the highest values in sediment B, i.e. higher 
metal contents (Zn and Cd) and S contents compared with sediment A. However, less dissolved metals 
were released on the last day (day 32; cf. Table 1 and Fig. 4). This suggests that oxidation of metal 



 L.T. Nguyen et al., Int. J. Sus. Dev. Plann. Vol. 4, No. 1 (2009) 13

sulphides was not the most probable mechanism for releasing the metals during aeration in any of 
the two sediments. The 1 unit lower pH in overlying water of sediment A than in that of sediment B 
could be a possible explanation for the different release patterns of Zn and Cd via desorption of the 
metals from the resuspended sediments [28, 54–57]. This is supported by Pearson correlation analysis 
showing a correlation between the decrease in pH and the increase in Zn (r = –0.72, P < 0.05, n = 7), 
Cu (r = –0.91, P < 0.01, n = 7) and Cd (r = –0.76, P < 0.05, n = 7) for sediment A, whereas no 
correlation was found for sediment B. The possible effects of a resuspension during the circulation 
of the overlaying water during the aeration period may have affected the difference in concentration 
for these three metals as was indicated for Fe above.

The lack of correlations between the release of DOC and the increased concentrations of Zn, Cu 
and Cd in overlying water of both sediments A and B during aeration indicates that these metals were 
not likely associated with organic solute. However, they could be released during the degradation of 
particulate organic materials [53] and, thus, partly contribute to the increase in dissolved concentrations 
of these metals in this experiment. The results from Visual MINTEQ modelling, however, predicted 
the associations of organic solute with Zn, Cd and Cu, of which the majority of Cu was associated 
with dissolved organic matter in both sediments (Table 3). It is well documented from previous studies 
that the binding of Cu to organic material is stronger than for Zn or Cd matter [58]. This suggests 
that DOC was associated with dissolved Cu in the water column, but not with Zn and Cd. The model 
also calculated that carbonate was the dominating species for Cu, but not for Zn and Cd. The two 
dominating species for Cu (i.e. Cu-DOM and CuCO3(eq.)) are not charged and, thus, not affected by 
a change in pH. This in turn means that the pH difference of overlying water between the two sediments 
may not have infl uenced the release patterns of Cu.

CONCLUSIONS5 
Different pictures of the interacting processes between the sediment and the lake water under different 
redox conditions can be described from the current experimental results. Under anoxic-static conditions, 
the rapid release of Fe into overlying water in both sediments is most likely a result of the diffusion 
of Fe(II) from the porewater as supported by a reductive dissolution of Fe oxides/hydroxides. In 
contrast to Fe, Zn, Cu and Cd remained low during the anoxic period. Under aeration conditions 
Fe(II) diffusing into oxic parts of the sediment or reaching the oxygenated water column will rapidly 
oxidize to Fe(III) with subsequent precipitation of Fe as haematite (Fe2O3) as predicted by the Visual 
MINTEQ model. The faster decrease in dissolved Fe in sediment B could be a result of the 1 unit 
higher pH compared to sediment A. In contrast to Fe, Zn, Cu and Cd were released during oxygenation, 
which probably resulted from the degradation of particulate organic matter, oxidation of metal sulphide 
or dissolution of Fe/Mn oxides/hydroxides. The water fl ow applied during the aeration period could 
have induced resuspension (not measured in this study), which is more likely the contributing factor 
to the metal release through enhancing both pore-water diffusion/advection and interactions between 
the resuspended sediments and the overlying water. The 1 unit lower pH in the overlying water of 
sediment A relative to that of sediment B could explain the more rapid release of Zn, Cu and Cd from 
sediment A through the metal desorption from suspended particles. Copper may not be affected by 
pH change as Cu is predicted by Visual MINTEQ to be in the form of complexes with organic solutes 
and carbonates, which are not infl uenced by a change in pH.

The results from the experiments show that aeration of sediment samples is an important factor 
for the release of Zn, Cu and Cd into the water column. In the fl ow-cell experiment, the supply of 
oxygen to the streaming water was high and resulted in a signifi cant release of metals into the water 
phase. Even if the supply of oxygen to the water is less under fi eld conditions, an increase in the 
mobilization of metals would be expected as a result of increased aeration of the water overlaying 
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the lake sediments. The water velocity applied during the aeration period of our experiment was 
about 1 order of magnitude lower than that generated during the operation of the hydropower plant. 
Thus, the release observed is likely an underestimation compared to fi eld conditions. Furthermore, 
resuspension mechanisms are suggested to increase the exchange of metals between the sediments 
and the water column, which will be addressed in a later study on the Lake Håcklasjön sediments.
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